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Abstract
There is an increasing demand for cost-effective semi-passive water treatment that can withstand challenging climatic 
conditions and effectively and sustainably manage mine-impacted water in (sub)arctic regions. This study investigated the 
ability of four pilot-scale bioreactors inoculated with locally sourced bacteria and affected by a freeze–thaw cycle to remove 
selenium and antimony. The bioreactors were operated at a Canadian (sub)arctic mine for a year. Two duplicate bioreactors 
were installed in a heated shed that was maintained at 5 °C over the winter, while two other duplicates were installed outdoors 
and left to freeze. The removal rate of selenium and antimony was monitored weekly, while a genomic characterization 
of the microbial populations in the bioreactors was performed monthly. The overall percentage of selenium and antimony 
removal was similar in the outside (10–93% Se, 20–96% Sb) and inside (35–94% Se, 10–95% Sb) bioreactors, apart from 
the spring thawing period when removal in the outdoor bioreactors was slightly lower for Se. The dominant taxonomic 
groups of microbial populations in all bioreactors were Bacteroidota, Firmicutes, Desulfobacterota and Proteobacteria. The 
microbial population composition was consistent and re-established quickly after spring thaw in the outside bioreactors. This 
demonstrated that the removal capacity of bioreactors inoculated with locally sourced bacteria was mostly unaffected by a 
freeze–thaw cycle, highlighting the strength of using local resources to design bioreactors in extreme climatic conditions.
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Introduction

The (sub)arctic regions are rich in strategic mineral resources 
and are becoming more accessible thanks to infrastructure 
development and expanding interest from the mining sector 
(Haley et al. 2011; Tiainen et al. 2015). However, when not 
adequately managed, mining activities present environmen-
tal concerns (Sengupta 2021). One major challenge is con-
trolling the release of mine-impacted water (MIW) into the 
environment. Unmanaged MIW containing metal(loid)s and 
other inorganic constituents at concentrations exceeding the 
regulated limits can have deleterious effects on downstream 

aquatic environments (Leppänen et al. 2017; Wright et al. 
2015). Thus, the development of sustainable, efficient, and 
cost-effective water treatment technologies is required for 
mineral exploitation to expand in (sub)arctic areas.

Different water treatment technologies are available. 
Active chemical water treatment technologies are still pre-
ferred for operating mines (Qin et al. 2019). These systems 
rely heavily on infrastructure, labor, and chemical reagent 
utilization, usually producing large amounts of sludge or 
liquid waste, which limits their sustainability over the long 
term (Ness et al. 2014). Passive and semi-passive water 
treatment systems are considered viable alternatives in 
closure scenarios because they are more economical and 
environmentally friendly (Martin et al. 2009). For exam-
ple, in Canada, many active mines proposed passive or 
semi-passive treatment technologies for their future closure 
plans (Eagle Gold mine’s closure plan (Victoria Gold Corp. 
2022); Casino mine’s closure plan (Brodie Consulting Ltd. 
and Casino Mining Corporation, 2013)). However, local 
regulation entities such as the Yukon Environmental and 
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Socio-Economic Assessment Board (YESAB) lack scientific 
evidence to approve these plans.

Passive water treatment technologies mimic natural 
chemical and biological processes, use natural or residual 
materials, and need little supervision or maintenance (El 
Kilani et al. 2021; Johnson and Hallberg 2005; Younger 
et al. 2002). Semi-passive water treatment technologies are 
similar to passive water treatment but require some periodic 
management, such as carbon source addition (Martin et al. 
2009). The mining sector has demonstrated a strong interest 
in bioreactors (BRs) (Habe et al. 2020; Neculita et al. 2007).

BRs are constructed systems that support a biologically 
active environment able to sustain processes favoring the 
removal of specific inorganic constituents to reach levels 
that meet environmentally safe aquatic life standards. BRs 
are made of reactive mixtures involving an organic carbon 
source to support bacterial activity, a structural agent for 
hydraulic parameters, and often an inoculum (Ben Ali et al. 
2020). Preferred processes in BRs lead to the precipitation 
of inorganic contaminants as metal(loid) sulfides as the 
result of reduction of sulfate to sulfide due to the bacterial 
activity of sulfate-reducing bacteria (SRB) (Neculita et al. 
2007). However, precipitation, sorption, ion exchange, and 
complexation mechanisms have also been observed in BRs, 
specifically for neutral (6 < pH < 9) MIW (El Kilani et al. 
2021). BRs have been used efficiently in the last 30 years 
for the treatment of both acid (pH < 6) and neutral MIW at 
the bench and pilot scale, at closed and abandoned sites, but 
mostly in temperate and semi-arid climates (Ben Ali et al. 
2019; Clyde et al. 2016; Genty et al. 2018; Habe et al. 2020; 
Neculita et al. 2007; Sánchez-Andrea et al. 2014).

The application of BRs in (sub)arctic regions is chal-
lenged by the cold climatic and limited resources. Climatic 
conditions in (sub)arctic regions, specifically in northern 
America, are characterized by freeze–thaw cycles: long, 
cold, and dry winters, with temperatures below freezing 
measured from late September to early June, followed by 
summer periods characterized by an increase in temperature 
and long daylight exposure. These patterns lead to multiple 
freezing and thawing events during the fall and the freshet, 
while ditches and watercourses that collect MIW often 
freeze during winter.

Previous studies at low temperatures (10 °C or less) have 
demonstrated the ability of BRs to successfully and consist-
ently remove contaminants over long periods of time and for 
both acidic and neutral MIW. Using a heated shed to prevent 
BRs from freezing, Nielsen et al. (2018a) removed ≈90% of 
zinc and cadmium from neutral MIW during summer (tem-
perature > 15 °C) while during winter, removal decreased to 
20–40% (temperature = 5 °C). Similarly, Harrington et al. 
(2015) observed reductions of 80% in arsenic, antimony, 
and nickel loads at the semi-buried pilot-scale bioreactor 
of the Keno Hill Silver District (Yukon, Canada), over one 

year and for MIW temperatures between 1 and 10 °C. At 
the Standard Mine Superfund Site (Colorado, USA), a four-
year pilot-scale BR study achieved more than 98% removal 
of cadmium, copper, zinc, and lead from acidic MIW under 
alpine climatic conditions (Reisman et al. 2009; Rutkowski 
2013). Under (sub)arctic conditions, El Kilani and collabo-
rators observed the absence of SRB growth in their BRs, 
despite good removal rates due to sorption and precipitation 
for iron and copper (> 95%) (El Kilani et al. 2021). Nonethe-
less, nickel removal decreased from ≈95% at the beginning 
to 50–80% at the end of their experiment, due to the absence 
of SRB, highlighting the importance of these microorgan-
isms for the effective and reliable operation of BRs. Low 
temperatures restrained bacterial activity by slowing down 
their metabolic activities (Price and Sowers 2004). SRB 
are known to be active over a wide range of temperatures 
between 0 and 80 °C (Odom and Singleton 1993) and meta-
bolically active SRBs have been observed in arctic environ-
ments (< 5 °C) (Robador et al. 2009). Nonetheless, passive 
and semi-passive water treatments are generally challenging 
in cold climates and previous studies indicate that one of the 
main challenges faced by the utilization of BRs in the (sub)
arctic area is to maintain active bacterial activity (Ben Ali 
et al. 2019). It also needs to be considered that operation of 
BRs during the winter in arctic or sub-arctic climates is often 
impeded due to freezing of the source MIW (for groundwa-
ter that does not stay in the 0.5-5 °C range). One question 
that has not been addressed sufficiently in the literature is 
how quickly the microbial community can re-establish itself 
during the thaw and how this subsequently affects BR treat-
ment performance. This is the research question addressed 
in this study.

To overcome limitations imposed by low or freezing 
temperatures, previous studies have recommended utilizing: 
(i) cold-adapted microorganisms in the inoculum or local 
bacteria inoculum (Zaluski et al. 2003), (ii) installing the 
biological components at depths below the freezing point 
of the soil and insulating the BRs with soil or manufactured 
covers (Gallagher et al. 2012; Reisman et al. 2009), and (iii) 
supporting bacterial growth and activity by providing an 
additional carbon source (Nielsen et al. 2018b), transforming 
passive BRs into semi-passive BRs. The option to use buried 
or semi-buried BRs has shown promising results in limiting 
the freezing of the BRs and decontaminating mine-impacted 
groundwater (Harrington et al. 2015; Reisman et al. 2009). 
However, treatment of surface MIW is challenging due to 
resource limitations (insulation materials, soils, etc.) in the 
North, and the extremely negative temperatures experienced 
in these (sub)arctic regions (− 40 °C), leading to freezing 
of even semi-buried BRs at mine sites (private communica-
tion), which limits their widespread utilization. In addition, 
and to the best of our knowledge, no study has investigated 
the effect of freeze–thaw cycles on the operation of BRs at 
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the pilot scale, as well as the effect of freeze–thaw cycles on 
the microbial population composition of the BRs and how 
this might affect removal efficiency.

Se and Sb are two contaminants often found in MIW 
(Lum et al. 2023; Yan et al. 2022). They are present in MIW 
either as by-products of mining other metals such as gold or 
are exploited for their industrial uses. While Se is a nutri-
ent at low concentration, Sb has no known biological role. 
Several active physicochemical treatment methods exist for 
Se and Sb but they are usually expensive and produce large 
amounts of sludge (Laroche et al. 2023; Sinharoy and Lens 
2020). For both elements, BRs are considered sustainable, 
cost-effective, and efficient water treatment technologies in 
temperate climates (Ramírez‐Patiño et al. 2023; Sinharoy 
and Lens 2020). Over 75% of Se was removed from neutral 
MIW at the laboratory scale using sulfidogenic BRs (Luo 
et al. 2008), while Sb in neutral MIW was removed up to 
60% in similar BRs (Ramírez‐Patiño et al. 2023). In MIW, 
Se is usually present as oxyanions, either selenite (Se(IV)) 
or selenate (Se(VI)), depending on the pH and redox state 
(Sinharoy and Lens 2020). The main mechanism for Se oxy-
anion removal in BRs is the anaerobic reduction of selenate 
to selenite to insoluble elemental Se particles through bacte-
rial activity (Yan et al. 2022). Sb can be present as Sb(V) or 
Sb(III) in MIW at neutral pH (Ramírez‐Patiño et al. 2023). 
Sb reduction in BRs occurs through either intracellular path-
ways (methylation) or extracellular pathways. Extracellular 
pathways include the dissimilatory pathway, with Sb(V) 
used as an electron acceptor and the sulfate reduction path-
way with chemical reduction of Sb(V) to Sb(III) by the H2S 
produced by SRB during the sulfate-reducing process. In 
addition, the presence of biogenic sulfide favors the precipi-
tation of metal(loid)s sulfide (Ramírez‐Patiño et al. 2023).

Here, we investigated the ability of semi-passive BRs, 
inoculated with locally sourced bacterial populations, to 
remove selenium (Se) and antinomy (Sb) from MIW, under 
(sub)arctic conditions on-site (i.e. exposed to a natural 
freeze–thaw cycle). The goals of the present study were to 
investigate: (i) the ability of a native inoculum to develop 
an efficient and stable SRB community in BRs subject to 
freeze and thaw cycles and (ii) the performance of BRs that 
were inactive over winter (freeze) in comparison with the 
performance of BRs that did not freeze over winter.

Materials and Methods

Experimental Setup

Four pilot-scale BRs were installed at the remote operat-
ing Eagle Gold Mine located in central Yukon Territory, 
Canada. Each BR vessel was an open-top 208 L polyethylene 
drum covered with a lid and a steel lever lock (Uline, Milton, 

Canada). Duplicate BRs (BR1a and BR1b) were placed in 
a shed that was heated to maintain a minimum temperature 
of 5 °C over the winter and left to fluctuate with outside 
temperature when over 5 °C. Duplicates BR2a and BR2b 
were installed outside of the shed where they were exposed 
to freezing temperatures. MIW was fed into all BRs from the 
same feed tank that was situated inside the shed. MIW and 
the carbon source, a molasses solution contained in a 10 L 
glass jar, were fed into the BRs through inlet pipes installed 
near the bottom of each vessel. The MIW flowed from the 
bottom to the top of the BR vessels to ensure anoxic condi-
tions. Oxidation–reduction potential (ORP) was measured 
monthly from a location approximately halfway up the ves-
sel in all BRs to check and confirm reducing conditions. 
The outflow from the top of each BR went to its own col-
lector drum. The two collector drums inside of the shed 
remained open, while the other two collector drums outside 
of the shed were covered with lids and steel lever locks to 
prevent particles from entering the vessels. Temperatures 
inside the BRs were monitored using Oakton Temperature 
Probes 5 + installed at the top of the BRs, reaching the inside 
through a hole drilled in the BRs’ lid and sealed with sili-
cone to prevent air ingress. Apollo pressure relief valves 
were also installed on the lid to prevent the pressure exceed-
ing 0.21 MPa (30 psi) in the BRs (Fig. 1).

Each BR was filled with 20% v/v locally sourced, shred-
ded spruce wood chips 2.5–5 cm in size and 20% v/v inocu-
lum. Wood chips were added as a support structure material 
for bacterial growth. The inoculum was a mixture of sedi-
ment samples from two different wetlands in the same Eagle 
Gold Mine drainage, at locations 0459110E 7100937N and 
0458249E 7099695N, respectively. The wood chips and 
inoculum were mixed thoroughly in the BRs and filled the 
vessels to a depth of ≈ 60 cm. MIW (≈170 L) was added 
to cover the reactive material and fill the vessel to the brim. 
This was done to ensure anaerobic conditions inside the 
reactive material. A passive sampling method was used to 
collect the microorganisms growing inside the BRs. The 
microorganisms sampled were assumed to be representa-
tive of the bacterial communities within the BRs, originat-
ing from either the inoculum or the MIW entering the BRs. 
Sampling bags were made with light cotton material and 
filled with the same sediment used to inoculate the BRs. 
Twelve sampling bags (one for each monthly sample) were 
suspended in the middle of each BR, with fishing lines fed 
through a hole in each BR lid at the beginning of the experi-
ment. The hole was then sealed with silicon to prevent air 
ingress into the BRs.

The MIW used to feed the BRs was restocked on a 
weekly basis from two different sources at Eagle Gold Mine, 
referred to as source 1 and source 2. From September 7 to 
November 15, 2019, and from May 12 to September 27, 
2020, MIW was collected from source 1: Ditch A which 
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collects drainage from one of the waste rock piles at Eagle 
Gold mine, the Platinum Gulch Waste Rock Storage Area. 
Between those periods, when Ditch A was not accessible due 
to freezing, MIW was collected from source 2: a collection 
pond used to store MIW from Ditch A that does not freeze 
all the way to the bottom during winter.

Operation and Experimental Design

The BRs were operated with an expected two-week hydrau-
lic retention time (HRT) based on a previous study with 
similar MIW parameters and carbon sources (Nielsen et al. 
2018a). The MIW flow rate, controlled by peristaltic pumps 
(Cole Palmer Masterflex L/S Standard Digital Drives), was 
10.6 mL/min giving an average HRT of 11 days over the 
year.

The carbon source used in this study was molasses (Cros-
by’s 100% Natural Fancy Molasses). This carbon source was 
used successfully in previous studies to support the growth 
of SRB (Muyzer and Stams 2008; Nielsen et al. 2018a). In 
addition, molasses supports a diverse bacterial community 

including species other than SRB (Zhao et al. 2010), result-
ing in greater resilience of the bacterial community in the 
BRs to environmental perturbations (Allison and Martiny 
2008; Ayala‐Muñoz et al. 2021). The molasses solution 
was prepared biweekly. The amount of molasses added was 
based on the stoichiometric requirement (Eq. 1). Consider-
ing a maximum sulfate concentration in the MIW feed of 
100 mg/L, the molasses concentration was fed into the BRs 
at 25 mg-C/L. Molasses solutions were pumped into the BRs 
for 22 min/day at a flow rate of 6 mL/min to achieve the 
targeted calculated total organic carbon (TOC) concentra-
tion per day.

Given the site’s remoteness and the climatic conditions 
during winter, treated water coming out of each BR was col-
lected weekly from the effluent drums after mixing by stir-
ring, giving bulk accumulated effluent samples, also referred 
to as “effluent samples”. The total volume of effluent col-
lected in each drum over the previous week was recorded 

SO2−

4
+ 2C(organic)(aq) + 2H

2
O(aq)

SRB

→

H
2
S(aq) + 2HCO−

3

Fig. 1   Experimental setup. The same MIW feed tank fed all four bioreactors, those outside and inside the shed
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to verify accurate pumping rates and HRTs. Effluent drums 
were emptied after each weekly sampling event. The electri-
cal EC (EC) and pH of the MIW and effluents were recorded 
weekly using an Oakton PCD650m pH meter equipped with 
a double junction Cole Palmer Ag/AgCl electrode. Samples 
for TOC were preserved with sulfuric acid (2%, v/v). Sam-
ples for metals and metalloids were preserved with nitric 
acid (2%, v/v). Every month, one passive microbiological 
sample bag was removed from each BR. Sampling bags 
were frozen by liquid nitrogen in a thermo-flask (Thermo 
Fisher Scientific container 2122) immediately after collec-
tion and transported from the field to the laboratory for stor-
age at -86°C until DNA extraction. Liquid samples were 
analyzed by ALS, Burnaby, for metals and metalloids (EPA 
200/6020A) and TOC (APHA 5310B). Sulfate analysis was 
performed following the protocol described by Nielsen and 
collaborators (Nielsen et al. 2018a). Uncertainties were esti-
mated based on the analysis uncertainties (duplicate). To 
estimate the removal efficiencies (RE) for the sulfate, Se, 
Sb, and carbon, the following was used: RE = [(In–Out)/
In] × 100)). For an effluent (out) at week N, the concentra-
tion measured in the influent (In) at week N-2 was used, to 
fit the closest with the HRT.

DNA Extraction, Sequencing, and Bioinformatics

Genomic DNA was extracted from 0.25 g subsamples taken 
from homogenized passive sample bag contents using the 
DNeasy PowerSoil Pro Kit (QIAGEN) following the manu-
facturer’s instructions. DNA concentrations were measured 
using an Invitrogen™ Qubit™ 3.0 Fluorometer (Thermo 
Fisher Scientific). The purity of the extracted DNA was 
measured using a NanoDrop ND-2000 ultraviolet–visible 
spectrophotometer (NanoDrop Technologies) at 260 nm for 
nucleic acid. To ensure the purity of the extracted DNA, 
absorbance was also measured at 230 nm for organic con-
tamination and 280 nm for protein contamination. For pure 
DNA samples, absorbance ratios should be A260/A280 
1.8–2.0 and A260/A230 2.0 (Armbrecht 2013). If the DNA 
did not pass quality control, it was purified using the DNeasy 
PowerClean Pro Cleanup kit (QIAGEN).

The 16S rRNA variable region V4 to V5 was amplified 
using primers 515F-Y and 926R (Parada et al. 2016; Wal-
ters et al. 2016) and sequenced on an Illumina MiSeq in the 
Biofactorial Core Facility in the Life Sciences Institute of 
the University of British Columbia. The raw sequence data 
were converted into amplicon sequence variants (ASV) by 
applying the open-source software package DADA2 (Cal-
lahan et al. 2016) for modelling and correcting illumina-
sequenced amplicon errors, using the Qiime2 suite of tools 
(Bolyen et al. 2019). A frequency table with relative abun-
dance information for each ASV was produced. The taxo-
nomic classification of each ASV was assigned by aligning 

the representative sequence to the Silva SSU database (ver-
sion 138.1) (Warnow 2015). All data were visualized in R 
or Excel. For a- and b-diversity measures, all samples were 
subsampled to the lowest coverage depth, and standard indi-
ces were calculated in Qiime2. Raw sequencing data are 
available under NCBI BioProject ID PRJNA924841.

Carbon Leaching Experiments

Wood chips were chosen as the reactive material to sup-
port bacterial growth in the BRs for its availability in the 
(sub)arctic and at the mine site. However, wood chips have 
the potential to leach TOC and impact bacterial growth. To 
assess the TOC leaching potential of the wood chips used 
in the BRs, two duplicate 2 L columns filled with 20% v/v 
wood chips (equivalent to 72 g of wood chips per column) 
were installed in the laboratory at room temperature. DI 
water was pumped from the bottom to the top of the columns 
by a peristaltic pump (Cole Palmer Masterflex L\S Standard 
Digital Drives) for 35 days. The pump was set at 0.08 RPM 
to achieve an HRT of 14 days, similar to the one used in the 
pilot scale BRs. Weekly batches of leachate effluent were 
collected in 2 L jars. Homogenized samples were preserved 
with sulfuric acid (2% v/v) and sent to ALS, Burnaby, for 
TOC analysis.

Results

Operating Conditions

All of the BRs were operated from Sept. 7, 2019, to Sept. 27, 
2020. Between Oct. 16 and 25, 2019, the temperature out-
side of the shed started to fall below freezing during the day 
(supplemental Fig. S-1), indicating most likely even colder 
temperatures overnight. On Oct. 15, before BR2a froze com-
pletely, the last passive microbiological sample bag was col-
lected in BR2a after breaking the ice partially forming in the 
BRs. At this time, BR2b was already completely frozen and 
it was impossible to collect a bag. From the end of October 
2019 to May 12, 2020, the temperature outside the shed was 
below 0 °C, and MIW couldn't flow through BR2a and BR2b 
until May 19, 2020, due to the freezing of BR2a and BR2b. 
During the few weeks before the complete freezing of the 
BRs and the complete thawing of the BRs, a succession of 
small freeze–thaw cycles likely occurred that was unfortu-
nately not recorded given the weekly sampling. Throughout 
this paper, the period from mid-October 2019 to mid-May 
2020, is referred to as the “winter” period, during which 
BR2a and BR2b were either fully or partially frozen and no 
MIW was flowing through them. BR1s (BR1a and BR1b), 
located inside the shed, were prevented from freezing and 
continued to operate throughout winter. Thawing took place 
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during May and June 2020 (“spring”), during which the flow 
of MIW through BR2a and BR2b recommenced. The “sum-
mer” period included July and August 2020, and the “fall” 
was September 2020.

The pH of the MIW feed varied from 7.2 to 8.5 through-
out the experiment, with an average of 8.0 ± 0.4, with one 
outlier event measured at 9.3 (supplemental Fig. S-2). The 
pHs measured in the BRs were circumneutral for the dura-
tion of their operating periods: the pH of BR1a averaged at 
7.5 ± 0.4, BR1b averaged 7.6 ± 0.4, BR2a averaged 7.1 ± 0.3, 
and BR2b averaged 7.0 ± 0.4. The EC measurements were 
used to estimate the concentration of total dissolved solids 
(supplemental Fig. S-3). The MIW in the winter months 
had a higher EC (583 ± 47 µS/cm) than that used during the 
rest of the year (232 ± 92 µS/cm). The change of source in 
mid-November did not strongly affect the EC of the MIW. 
From September to November 2019, source 1 had an EC 
of 406 ± 163 µS/cm while source 2 had an average EC of 
562 ± 130 µS/cm (December 2019 to May 2020). In addi-
tion, as shown in supplemental Fig. S-3, the EC of the MIW 
in the last sampling of source 1 in November 2019 was 
614 µS/cm and the first sampling of source 2 was 625 µS/
cm, indicating similar EC between the two MIW sources at a 
given time. The difference in EC between the winter months 
and the rest of the year was thus independent of the source 
modification. The MIW EC trends indicate an important 
parameter affecting semi-passive treatment design: the natu-
ral seasonal concentration dilution effect. During the freshet 
from May to July, with snow melt and high-water flows, a 
dilution effect was observed with lower ECs of ≈300 µS/cm. 
On the other hand, during the winter months, from October 
to April, a concentration effect was observed with MIW EC 
increasing to ≈650 µS/cm. These natural fluctuations affect 
the initial concentrations of the contaminants of concern and 
subsequently the removal percentages. The major cation in 
the MIW was Ca2+, with concentrations ranging from 22 to 
90 mg/L. The EC and Ca2+ concentration in the BR effluents 
tracked that of the MIW (supplemental Figs. S-3 and S-4).

The temperatures in BR1a and BR1b varied from highs 
of 24.7 °C on Oct. 11, 2019, and 22.3 °C on Nov. 15, 2019, 
to lows of 3.7 and 2.9 °C on April 22, 2020, respectively 
(Fig. S-1). The highest temperatures for BR2a and BR2b 
were recorded on Oct. 11, 2019, at 20.2 °C and June 16, 
2020, at 19.2 °C, respectively. BR1a, BR1b, BR2a, and 
BR2b operated at average temperatures of 12 ± 3, 13 ± 3, 
11 ± 3, 13 ± 4  °C, respectively, from mid-May 2020 to 
the end of September 2020. The monthly ORP measure-
ments (supplemental Table S-1) ranged between − 112.7 
to − 438.2  mV for BR1a, − 85.7 to − 307.3  mV for 
BR1b, − 113.7 to − 281.9 mV for BR2a, and − 108.4 to 
− 298.3 mV for BR2b. The most reducing conditions were 
reached at different times over the year for the four BRs, 
with the least reducing conditions measured during the first 

month of operation (September 2019) for BR1a, BR2a, and 
BR2b, and in December 2019 for BR1b.

Sulfate Reduction

The sulfate concentrations in the MIW feed varied over the 
year between a low of 10.5 ± 0.5 mg/L on Oct. 4, 2019, and 
a high of 137.0 ± 2.6 mg/L on January 29, 2020 (Fig. 2a). 
Until Oct. 11, 2019, and after April 22, 2020, the concentra-
tion of sulfate in the MIW was < 60 mg/L. The change from 
source 1 to source 2 occurred on Nov. 11, 2019, and source 
2 was used until May 12, 2020. The sulfate concentration in 
source 1 was 129.0 ± 0.5 mg/L during the last sampling on 
Nov. 4, 2019, and 88.2 ± 3.2 mg/L for the first sampling in 
source 2 on Nov. 15, 2019. Over winter, the sulfate concen-
tration in the MIW was on average higher (115 ± 17 mg/L) 
than during fall 2019 (39 ± 17 mg/L), spring (28 ± 9 mg/L), 
and summer 2020 (51 ± 1 mg/L). Thus, the increase in sul-
fate concentration cannot be attributed to the change in the 
MIW source. From mid-October 2019 to mid-January 2020, 
the sulfate concentration increased gradually in a semi-oscil-
latory fashion with a periodicity of about two weeks, which 
could correspond to the refilling of the feed tank.

Sulfate concentration trends in the bioreactor (BR) efflu-
ents followed those in the MIW, with higher concentrations 
during the winter months than during the spring, summer, 
and fall (Fig. 2a). Prior to winter, BR2a and BR2b effluent 
sulfate concentrations (32 ± 5 and 31 ± 12 mg/L, respec-
tively) were higher than those in the BR1 effluents (14 ± 2 
and 15 ± 13 mg/L, respectively). However, after the spring 
thaw and throughout the summer and fall of 2020, both 
the indoor and outdoor bioreactor pairs achieved similar 
sulfate concentrations in their effluents (around 5 mg/L). 
Percentages of sulfate reduction efficiency (Reduction Effi-
ciency = [(In–Out)/In] × 100)) were positive in all BRs over 
the entire experiment, except in two instances for BR1a 
and one instance in BR1b and BR2a (Fig. 2b). The nega-
tive reduction efficiencies were due to the low sulfate con-
centrations measured in the MIW. In addition, two of them 
were observed during the thaw, a period with changes in 
temperature and freezing conditions for the outside BRs. 
Overall, BR1a and BR1b presented similar behavior in terms 
of sulfate reduction except before winter, due to the equili-
bration of the BRs, and in May 2020 (spring), because of the 
important variation in temperature during the day (Fig. S-1), 
and likely between days and nights inside the shed. During 
winter, sulfate reduction efficiencies were between 17 and 
76% for BR1a and 24% and 62% for BR1b. In both cases, 
the higher reduction efficiency values were measured at the 
beginning of winter and were followed by a decrease, with 
values stabilizing around 30% until spring. From July 2020 
until the end of the study, the sulfate reduction efficiency in 
BR1a and BR1b remained high (> 75%).
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Before winter, ≈45% of the sulfate was reduced in BR2a, 
and 64% in BR2b. During the May thaw, sulfate reduction 
was important in BR2b (> 95%), while in BR2a an important 
variation was observed (from − 60% to + 60%), indicating 
different behaviors between the two outside BRs, likely due 
to the thawing. From July 2020 to the end of the study, the 
percentage of sulfate reduction remained high (> 75%) in 
BR2a and BR2b, similar to what was observed in BR1a and 
BR1b, except for the last data point. For BR2a and BR2b, 
sulfate reduction efficiencies dropped to 68% and 22%, 
respectively, at the end of September 2020. While tempera-
tures above 10°C were measured at the end of September 

2020 (Fig. S-1), from the end of August to mid-Septem-
ber, the temperatures were closer to 0°C, which could have 
slowed down sulfate reduction in the outside BRs.

Carbon Source Consumption

To supply enough carbon (C) for the reduction of the sulfate 
entering the BRs, the TOC was measured in the MIW feed 
and supplemental C was added through a molasses solution 
(2  mg/L) to reach the targeted amount of TOC, according to 
Eq. 1. Fig. S-5a presents the calculated TOC concentration 

Fig. 2   Evolution of sulfate con-
centration (mg/L) (a) and per-
centage of sulfate reduction (b) 
in mine impacted water (MIW, 
empty square, and dashed line), 
BR1a (black triangle and full 
line), BR1b (empty triangle and 
full line), BR2a (black circle 
and full line) and BR2b (empty 
circle and full line) function 
of time. The red stars in (a) 
correspond to the change in the 
MIW source (from source 1 to 
source 2, and then from source 
2 to source 1). The period dur-
ing which BR2a and BR2b were 
considered frozen is represented 
in blue in (b)
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obtained by adding the initial TOC in MIW and the TOC 
added through the molasses solution.

From September to December 2019, the percentage of 
TOC removal varied in all of the BRs (Fig. S-5), with nega-
tive values observed for BR1a, BR1b, and BR2b, which indi-
cated the release of carbon from a source inside the BRs. 
After December and until the end of the experiment, TOC 
removal in BR1a and BR1b stabilized in the positive, with 
an average carbon consumption of 51 ± 23% for BR1a and 
61 ± 6% for BR1b. When sampling of BR2s restarted dur-
ing the spring and until the end of the experiment, TOC 
removal alternated negative and positive removal percent-
ages (Figs. S-5b). This alternation was likely due to equi-
libration in the bacterial population and bacterial activities 
(Fig. 5) after the restart of the BRs.

Laboratory leaching experiments were performed to esti-
mate the spruce wood chips' leaching capabilities. Spruce 
wood chips leached 2.1 mg-C/g-wood-chips in column 1 and 
1.5 mg-C/g-wood-chips in column 2 over the first week of 
their operation (Fig. S-6). After 5 weeks, the TOC leached 
from the spruce wood chips decreased to 0.6 mg-C/g-wood-
chips in column 1 and 0.5 mg-C/ g-wood-chips in column 2 
(Fig. S-6). The total amount of carbon leached from columns 
1 and 2 were 6.5 and 5.0 mg-C/g-wood chips (dry weight), 
respectively, over the five weeks of experiments.

Metal(loid)s

Iron Leaching

Iron (Fe) concentrations in the MIW were less than 1.5 
mg/L, except for eight peak events, with one reaching 
35.2 ± 1.1 mg/L (supplemental Fig. S-7). For the most part, 
the Fe concentrations were higher in the effluents than in 
the MIW, which indicates that Fe was being released from 
the BRs. The main source of Fe in the BRs was likely the 
inoculum. Wetlands are known to accumulate Fe (Doyle and 
Otte 1997) and sediments used as inoculum were taken from 
a wetland close to the mine site. Further characterization of 
the inoculum would be needed to validate this hypothesis.

Antimony

The Sb concentrations in the MIW were between 0.5 ± 0.0 
and 5.1 ± 0.2 µg/L during most of the study period (Fig. 3a). 
Two events with higher Sb concentrations (10.9 ± 0.4 and 
12.5 ± 0.5 µg/L) were detected in April and August 2020, 
respectively. The Sb concentration during the last sampling 
event of source 1 in November 2019 (3.2 ± 0.1 µg/L) was 
similar to the first sampling event of source 2 in November 
2019 (3.6 ± 0.1 µg/L). In May, the difference between the 
two sources was more important: 7.7 ± 0.3 µg/L for the last 
sampling with source 2 vs. 2.3 ± 0.1 for the first sampling 

in source 1. However, as mentioned previously, they were 
even higher in August when the MIW source 1 was sampled.

The Sb concentration trends over time were similar in the 
effluents of the four BRs, with lower concentrations than 
those of the MIW. The Sb concentrations in the effluents 
ranged between 0.4–2.8, 0.4–2.3, 0.5–3.7, and 0.5–2.2 µg/L 
in BR1a, BR1b, BR2a, and BR2b, respectively, over the 
year.

The Sb removal efficiency in BR1a and BR1b was posi-
tive most of the time, with the highest removal of 96% for 
both BRs, reached on August 21, 2020 (Fig. 3b). On the 
same date, the maximum RE were also reached for BR2a and 
BR2b (96% for both BRs). Negative Sb RE was observed 
on seven instances for BR1a, five for BR1b, three for BR2a, 
and two for BR2b. BR2a and BR2b had fewer negative Sb 
reduction efficiency events because of the sparser amount 
of data for the outside BRs. The most negative Sb reduction 

Fig. 3   Evolution of antimony concentration (mg/L) (a) and per-
centage of antimony removal efficiency (b) in mine impacted water 
(MIW, empty square, and dashed line), BR1a (black triangle and full 
line), BR1b (empty triangle and full line), BR2a (black circle and full 
line) and BR2b (empty circle and full line) function of time. The red 
stars in (a) correspond to the change in the MIW source (from source 
1 to source 2, and then from source 2 to source 1). The period during 
which BR2a and BR2b were considered frozen is represented in blue 
in (b)
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efficiency values were measured at the beginning of the 
experiment, most likely due to the BRs start-up. Interest-
ingly, all the negative Sb reduction efficiency were observed 
on the same date. When BR1a presented negative reduc-
tion efficiency but BR1b did not, the Sb reduction efficiency 
for BR1b were below 30%. For all negative Sb reduction 
efficiency values or Sb reduction efficiency values < 30%, 
the Sb concentration in the MIW was below 1.5 µg/L. The 
percentage of Sb reduction efficiency also tended to present 
values closer to 40–50% when the concentrations in Sb in 
MIW were between 1.5 and 3 µg/L. This could indicate that 
the inside and outside BRs all saw their ability to remove Sb 
decreased when Sb concentrations dropped below 3 µg/L. 
Despite the negative or low Sb reduction efficiency, the 
Sb concentrations in the BRs’ effluents were still below 
1.5 µg/L, i.e. below the limit for Sb in drinkable water of 
6 µg/L in Canada (Health Canada/Santé Canada 2024).

Selenium

Over the year, the Se in the MIW varied in concentration 
between 0.1 and 1.7 µg/L (Fig. 4a), with a tendency to be 
above 0.6 µg/L during spring and summer. As for Sb and 
sulfate, the Se concentration did not vary in the MIW when 
the source changed. In November, the last sampling event 
with source 1 had a Se concentration of 0.3 µg/L while the 
Se concentration for the first sampling event with source 2 
was 0.3 µg/L. In May, the difference was more important 
(1.7 µg/L for source 2 vs. 0.7 µg/L for source 1). However, 
the Se concentration detected in source 1 (0.7 µg/L) was 
similar to the concentration detected in source 2 between 
November and May (0.1–0.8 µg/L).

Overall, Se concentrations in BR1a and BR1b effluent 
were below those in the MIW, except for the first month 
of operation, and remained between 0.05 and 0.7 µg/L 
(Fig. 4a). Se removal in BR2a and BR2b was similar to that 
observed in BR1s, except after the spring thaw when BR2a 
and BR2b Se concentrations were closer or above 0.5 µg/L, 
while in BR1s they were below 0.2 µg/L.

The Se removal efficiencies in BR1a and BR1b were 
between 4–93% and 0.5–94%, respectively (Fig. 4b). Dur-
ing its operating periods, BR2a and BR2b achieved similar 
extents of Se removal, with the highest removals of 94% 
and 89%, respectively. During the thaw (May 2020), BR2a 
and BR2b Se removal efficiencies were lower (60 and 78%, 
respectively) compared to BR1a and BR1b during the same 
period (87 and 92%, respectively). Negative or low (< 10%) 
Se removal efficiencies were measured during winter (from 
November 2019 to January 2020) in BR1a and BR1b. There 
were no specific trends between MIW concentration and 
lowest removal efficiency values. As it occurred in the first 
part of winter, it could be linked to an adaptation of bacterial 
activities to the decrease in temperature in the BRs.

Bacterial Population Shifts

Overall Microbial Population Composition 
and Trends at a High Taxonomic Level: Phylum

For all BRs and consistently throughout the study period, the 
microbial population was constrained to 11 dominant phyla 
(Fig. 5), the most abundant being the Bacteroidota, Firmi-
cutes, Desulfobacterota and Proteobacteria. Many members 
of the Desulfobacterota are known to perform sulfate reduc-
tion and this phylum was represented at the highest relative 
abundance in the indoor BRs (BR1a and b) during winter. 
They were at their lowest relative abundance in these same 
BRs the following summer. Overall, the prevalence of Des-
ulfobacterota was lower post-spring 2020 in all BRs than 
previously. Desulfobacterota were more dominant in BR2 
than BR1 post-spring 2020, but their percentage relative 
abundance varied to a greater degree in BR2 than in BR1.

Fig. 4   Evolution of selenium concentration (mg/L) (a) and per-
centage of antimony removal efficiency (b) in mine impacted water 
(MIW, empty square, and dashed line), BR1a (black triangle and full 
line), BR1b (empty triangle and full line), BR2a (black circle and full 
line) and BR2b (empty circle and full line) function of time. The red 
stars in (a) correspond to the change in the MIW source (from source 
1 to source 2, and then from source 2 to source 1). The period during 
which BR2a and BR2b were considered frozen is represented in blue 
in (b)
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Firmicutes were dominant throughout most BRs and 
seasons. These heterotrophic microorganisms are involved 
in the breakdown of complex carbon compounds through 
hydrolysis and fermentation. These might include com-
pounds in the molasses fed to the BRs, dissolved organic 
carbon entering with the MIW feed, products from decom-
posing wood chips or carbon released from dead biomass 
(Liu et al. 2018; Sharmin et al. 2013). The Bacteroidota phy-
lum had members known to be heterotrophic microorgan-
isms, often known for scavenging partially degraded organic 
compounds (Mei et al. 2020a). Members of this group were 
present throughout the operation of the BRs.

It is known that SRB, Firmicutes, and Bacteroidota form 
syntrophic communities that cycle carbon. Sulfate-reducing 
bacteria and other Desulfobacterota and Proteobacteria ben-
efit from the degradation products produced by Firmicutes 
and Bacteriodota. It was observed in other studies of MIW 
treatment by BRs that the relative abundance of fermenters 
and SRB vary cyclically over time out of phase with each 
other due to carbon cycling (Baldwin et al. 2016).

In a few instances, Proteobacteria were dominant, such 
as in BR2a during Fall 2019 and Fall 2020. These are 
functionally versatile microorganisms, some of which are 

involved in nitrogen cycling and/or oxidation–reduction 
of metals, which are important processes in BRs treating 
MIW (Johnson et al. 2019). The compositional differ-
ences between the indoor and outdoor BRs are not easily 
discernible at the phylum taxonomic level.

Variability in the bacterial population composition 
between the duplicate indoor and outdoor reactors was 
observed (Fig. 5). BR2a had a higher relative abundance 
of Desulfobacterota than BR2b. BR2b had composition-
ally more Firmicutes than Proteobacteria, whereas BR2a 
Proteobacteria were more prevalent. Bacterial population 
composition at the phylum level varied between the BR1 
replicates during Fall 2019 and Winter; however, after the 
thaw, from Spring 2020 onwards, the microbial population 
composition in the two indoor BRs was more consistent.

Comparing changes in the population composition over 
the seasons (Fig. 5), the Desulfobacterota were much less 
dominant in the indoor BRs post-spring 2020 than in fall 
2019/winter 2020. The overall population composition in 
the indoor BRs was consistent over time from spring 2020 
onwards, whereas the population composition varied more 
in the outdoor bioreactors.

Fig. 5   Side-by-side comparison by seasons of the indoor and outdoor BRs’ microbial populations at the phylum level. The category “Other” 
refers to the sum of all rare ASVs that were present each at less than 1% of the total population
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Microbial Population Differences and Dominant 
ASVs

To study the bacterial population composition trends at a 
more granular level, a principal coordinate analysis plot of 
Bray–Curtis differences between sample ASV composi-
tions was produced (Fig. 6). The only grouping of samples 
according to the indoor or outdoor BRs or seasons is the 
cluster of orange points on the left-hand side representing 
the indoor bioreactors from spring 2020 to fall 2020. During 
this period, the microbial population composition of these 
two BRs appeared to be stable. The same observation was 
not applicable for the other BRs.

To better understand the potential functional charac-
teristics of the BR bacteria populations, the prevalence of 
dominant ASVs (> 1% of the total population) was stud-
ied (Fig. 7). Geobacter, an iron-reducing genus (Lovley 
et al. 2011), was the most dominant Desulfobacterota and 
was prevalent in the indoor BRs in the fall of 2019. Only 
one ASV was classified as a known sulfate-reducing bac-
teria genus, Desulfobulbus. It appeared to be consistently 
dominant in all BRs. The other Desulfobacterota were Cit-
rifermentans and MSBL7. The former, also known as Geo-
monas, has one member that is a Fe-reducing species (Xu 
et al. 2019). MSBL7 is an uncharacterized environmental 

group. The most dominant Firmicutes ASVs were classi-
fied in an uncharacterized environmental group R-7 in the 
family Christensenellaceae, a known genus member that are 
obligately anaerobic fermenters producing acetate and other 
organic acids from sugars (Morotomi et al. 2012).

Sugar-fermenting microorganisms were a major part of 
the bacterial communities in all BRs, as another dominant 
Firmicutes ASV was classified as Saccharofermentans 
(Chen et al. 2010). Of the Bacteroidota, the ASV classi-
fied as Bacteroidetes_vadinHA17 is thought to be a species 
adapted to the degradation of recalcitrant organic matter 
(Mei et al. 2020a). Finally, the other important phylum, Pro-
teobacteria, contained three functionally versatile dominant 
ASVs associated with nutrient cycling and phototrophy.

Overall, the diversity of ASVs was constrained, with the 
number of ASVs in each sample ranging from 100 to 350 (sup-
plemental Table S-2), which is within the range typical for 
MIW BRs but far less than the number of dominant ASVs in 
soils or vegetated wetlands, for example. The bubble plot of 
dominant ASVs in Fig. 7 is not very sparse, indicating that 
many ASVs were found in all of the BRs most of the time. The 
dominant ASVs were common among the BR populations, 
with differences being mostly due to compositional variation. 
The only exception was the Proteobacteria Stenotrophomonas 
ASV in BR2a_09/20. There are eight members of this genus, 

Fig. 6   Principal coordinate analysis based on the differences (Bray–Curtis) between samples in their ASV compositions. Samples from Fall 
2019/Winter 2020 are dark (BR1) and light (BR2) blue-green, and samples from Spring 2020 onwards are orange (BR1) to red (BR2)
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at the time of writing, some of which are known to be tolerant 
to high concentrations of metals and are important for N and 
S cycling (Ryan et al. 2009).

Discussion

Tracking of Bacterial Activity and Performance 
of the BRs

Throughout the experiment, the MIW fed into the BRs had 
a circumneutral to slightly alkaline pH, indicating neutral 

mine drainage conditions. EC, Ca, metal(loid), TOC, and 
sulfate concentrations in the MIW were lowest in fall 2019, 
increased in winter 2019–2020, and then decreased during 
the 2020 freshet. This trend in water chemistry is typical of 
seasonal variation: after the thawing period in late spring 
and throughout summer and early fall, the surface watershed 
in the Yukon is ice-free, and water flows freely, lowering EC 
and concentrations in MIW due to dilution (Nielsen et al. 
2018a). When the temperatures were below freezing, as they 
are during winter, the volume of free water available on the 
surface is reduced, and thus, MIW is more concentrated in 

Fig. 7   Dominant ASVs (> 1% 
of the population in each 
bioreactor) in the bioreactors 
over time
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dissolved solids, explaining the observed increases in EC, 
Ca, metal(loid)s, and sulfate concentrations.

The Ca concentrations and EC measured in the BR efflu-
ents were at the same levels as those in the MIW feed when 
considering an offset of 11 days, which was the retention 
time of the MIW in the BRs. The pH also remained consist-
ent between the MIW feed and BR effluents. Thus, it was 
concluded that: (i) none of the Ca precipitated as sulfate 
minerals, such as gypsum or ettringite, in the BRs, and (ii) 
water chemistry parameters such as pH, Ca concentrations, 
and EC were not strongly modified by the BRs.

Sulfate concentrations in the BR1s and BR2s efflu-
ents were lower than those in the MIW feed most of the 
time (≈90% for the four BRs), indicating that sulfate was 
being reduced in all of the BRs. Negative sulfate removal 
occurred only rarely (two occasions in BR1a, one occasion 
in BR1b and BR2a) when the sulfate concentration in the 
MIW was low. The presence of SRB bacteria in the genus 
Desulfobulbus, which were observed in all BRs, supports 
the hypothesis that sulfate removal was occurring through 
biological reduction, with sulfate acting as an electron 
acceptor and molasses-derived carbon compounds as elec-
tron donors (Muyzer and Stams 2008). In addition, optimal 
ORP values for SRB to reduce sulfate to sulfide that are 
in the range of -100 to -300 mV (Gibert et al. 2002), were 
measured in the BRs. In BR1a and BR1b, sulfate removal 
percentage appeared to correlate with temperature, with 
lower reduction observed during winter. This was expected 
since most SRB species are mesophiles, meaning that the 
optimal temperatures for their growth and activity are 
between 25 and 35 °C, and similar temperature dependent 
observations were made in a previous BR study (Nielsen 
et al. 2018a). Sulfate reduction percentages varied impor-
tantly during the thaw period between the four BRs (-60% 
in BR1a to 95% in BR2b), and between the duplicate BRs 
located inside or outside. From June until the end of the 
study, sulfate reduction in all BRs was maintained over 
80%. These results indicate that the thaw period impacted 
strongly the BRs, but in an unpredictable way. However, 
they also indicate that SRB re-established their bacterial 
activity quickly after thaw in the outdoor BRs with only 
a small delay between the increase in temperature and the 
increase in bacterial activity. Since the SRB related ASVs 
present before and after winter were taxonomically simi-
lar, the SRB active from spring 2020 onwards could have 
been those that survived freeze/thaw inside BR2s. It is 
unknown what microorganisms were present in the MIW 
or how consistent this was before and after winter. If dif-
ferent microbial species entered the BRs with the spring 
freshet MIW, they did not change the taxonomy of the 
SRB population.

Another tracker of bacterial activity in the BRs was car-
bon removal, which was expected due to consumption by 

active bacteria. The presence of bacteria involved in the 
decomposition of organic C compounds, and other bacteria 
(SRB and iron-reducing bacteria) that are heterotrophic, sug-
gests that carbon source consumption must be taking place. 
However, for the first four months of the experiment, carbon 
was released rather than removed in BR1s. Leaching experi-
ments using the same spruce wood chips as were used in the 
BRs revealed that up to 6.5 mg-C/g woodchips (dry weight) 
were leached over five weeks. Based on these results, it is 
likely that soluble carbon compounds were being released 
from the spruce wood chips in the BRs, at least during the 
initial period after start-up. During this period, the amount 
of carbon released was sporadically greater than the carbon 
consumed by bacterial activity. Presence of microbial taxa 
associated with degradation of recalcitrant organic mate-
rial, such as hard to breakdown lignocellulosic compounds 
(i.e. Bacteroidetes_vadinHA17; Mei et al. 2020b), provides 
evidence for the biological decomposition of the wood chips 
in the BRs. After four months, the percentage of carbon 
removal in BR1s became positive, but the values continued 
to alternate between positive and negative for BR2s until 
the end of the experiment. A likely explanation for this was 
that biodegradation of wood chips occurred to a greater 
extent in the indoor BRs since they operated over the entire 
experimental period, whereas freezing of the outdoor BRs 
prevented any bacterial activity for enzymatic hydrolysis of 
cellulosic material in the woodchips during winter. Hetero-
trophic bacteria such as the Firmicutes Saccharofermentas 
were dominant throughout all of the BRs and seasons but 
were present at higher relative abundances in BR2 than BR1 
in the summer and fall of 2020. Members of this genus were 
likely growing on the sugars still being produced in BR2 
from enzymatic hydrolysis of the woodchips. Decomposition 
of wood chips inside the BRs might be beneficial since this 
would increase the supply of carbon for bacterial growth. 
However, this supply will diminish over time as all the 
degradable C is depleted, which seemed to be the case for 
BR1. Thus, extraneous carbon addition in the form of cost-
effective natural sources such as molasses will be needed for 
long term reliable performance of BRs.

Impact of Bacterial Activity on Metal(loid)s 
Removal

The Sb concentrations in the MIW did not vary seasonally 
and was marked by two spike events (Fig. 3a). The Se lev-
els in MIW seemed to be more affected by seasonal varia-
tions, with the highest concentration in summer (Fig. 4a). 
No strong correlations (R ≤ 0.9) were detected between 
Sb or Se and major elements such as sulfate, carbon, Fe, 
Ca, or other metals (Pb, Cu, Cd, Pb) in the MIW. After 
one month of operation, in October 2019, the BRs started 
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to remove Sb and Se, coinciding with signs of sulfate 
reduction.

Sb likely entered the BRs as Sb(V) since the MIW used 
in this study was collected at the surface (Johnston et al. 
2020). Processes that might be involved in Sb removal in 
the reducing environment of the BRs include microbial 
Sb(V) reduction to Sb(III), microbial methylation, and 
abiotic Sb(V) reduction by S(-II) and/or Fe(-II) (Zhang 
et al. 2022). Microbial Sb(V) reduction can take place 
through respiratory and non-respiratory metabolic path-
ways. For instance, Sb(V) can be enzymatically reduced 
by SRB for energy (Wang et al. 2013), with the reduced 
Sb immobilized via antimony sulfide formation (Liu 
et al. 2022). Other types of bacteria have been reported 
to mediate immobilization and remove Sb, under both 
aerobic and anaerobic conditions, including those that oxi-
dize the more toxic Sb(III) to the less toxic Sb(V) (Deng 
et al. 2021). None of the Sb resistant genera reported in 
the Deng et al. 2021 study were among those identified 
in the BRs. Biological Sb methylation can occur under 
anoxic conditions as a detoxification mechanism and has 
been observed in various environments, but the molecu-
lar mechanism remains poorly understood, and only a few 
bacterial species with this capability have been identified 
so far (Liu et al. 2022). None of the latter genera reported 
in Liu et al. 2022 were identified the BRs. Another path to 
Sb(V) removal is through SRB species (Wang et al. 2013). 
Of all the possible Sb biotic removal mechanisms, we 
hypothesize that biotic removal mediated by SRB was very 
likely occurring in the BRs due to the prevalence of Des-
ulfobulbus species. The presence of Fe-reducing bacteria 
in the BRs, the reducing conditions in the BRs (Jia et al. 
2022), and the higher concentrations of Fe compared to Sb 
(mg/L vs. µg/L) suggested that Sb-Fe oxide precipitation 
could occurred in the BRs, despite the continuous release 
of Fe in the effluents. Abiotic precipitation of antimony 
sulfide was another possible Sb removal mechanism, given 
the presence of sulfide (HS−, S2−) coming from sulfate 
reduction (Ramírez‐Patiño et al. 2023).

Overall, both the indoor and outdoor BRs were success-
ful at removing Se from the MIW. The removal percentage 
was between 0.5 and 94% for BR1s and 44 and 95% for 
BR2s. Post-winter, during the thaw period (May 2020), 
BR2s recommenced removing Se, though at lower percent-
ages (60 and 78% for BR1a and BR1b, respectively) than 
in BR1s (87 and 92% for BR1a and BR1b, respectively) 
during the same period. By summer 2020, both BR1s and 
BR2s removed similar amounts of Se. These results indi-
cate that while BR2’s Se removal capacity was impacted 
by freezing, the BR recovered quickly, achieving the same 
removal capacity as BR1 after only a month.

Se speciation was not performed, and so it is not known 
which chemical forms were present in the MIW or in the BR 

effluents. As the MIW was sourced at the surface where con-
ditions were oxidizing, then Se may be present as selenate 
(SeVI, SeO4

2−) or selenite (SeIV, SeO3
2−), depending on 

the pH and redox conditions (Yan et al. 2022). Many bac-
teria can reduce selenate as an electron acceptor for energy 
and growth. These include those with selenate specific 
reductases, such as Thauera selenatis (Macy et al. 1993), 
or denitrifying bacteria with nitrate reductases that are ver-
satile (e.g. Paracoccus sp.) (Sabaty et al. 2001). Selenate 
or selenite reduction can occur aerobically or anaerobi-
cally (Avendaño et al. 2016). None of the species that have 
been characterized at the time of publishing as Se-reducing 
bacteria were among the dominant AVS genera identified 
in the BR metagenomes. However, Se removal has been 
observed in SRB bioreactors mediated through SRB activ-
ity (Hockin and Gadd 2006). Due to the presence of SRB 
in the BRs, the latter was a probable mechanism. Selenate 
is the most soluble and mobile form of Se. When selenate 
is reduced to selenite, then this chemical form has a higher 
affinity for adsorption than selenate. If selenate reduction to 
selenite was occurring in the BRs, then Se removal might 
have occurred through selenite binding to solids such as Fe 
oxy(hyrox)ides (Balistrieri and Chao 1990).

The relative abundance of the microbial ASVs in the 
BR1s were more stable across time points after the Spring 
2020 thaw than in BR2s. The greater relative abundance 
variability observed in BR2s vs. BR1s during this period is 
attributed to the effects of freeze–thaw in BR2. Neverthe-
less, many of the same dominant genera were present both 
before and after the freeze–thaw, suggesting that biological 
removal mechanisms for Se and Sb were consistent across 
seasons. Since the microbial population included phylotypes 
with assumed phenotypes with metabolic potential for C, 
sulfate, Se and Sb removal, and Fe release, the successful 
performance of all the BRs was not limited by a functionally 
essential microbial community. The presence of this micro-
bial community might have contributed to the relatively 
quick re-establishment of BR2’s performance post thaw. 
Indeed, other studies also have observed that distribution of 
key metabolic functions across different genera coexisting 
in BRs favors process stability (Ayala‐Muñoz et al. 2021). 
Overall, this study demonstrated that the freezing of BRs 
did not substantially affect their ability to remove sulfate, 
Se, and Sb from MIW.

Conclusions

The present study provides evidence that BRs inoculated 
with locally sourced bacterial populations maintain their 
capability to remove sulfate, as well as Sb and Se metal(loid)
s despite being subject to a seasonal freeze–thaw cycle. BRs 
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that were located inside a heated shed, maintained at ≥ 5°C, 
successfully removed Se and Sb most of the year. The indoor 
and outdoor BRs removed up to 95% of the Se and Sb. It’s 
important to note that on a few occasions, the removal effi-
ciency of Se and Sb were negative, specifically at the begin-
ning of the BRs operation, when the temperature changed, 
and in the event of low concentrations in the MIW. The BRs 
that were located outdoors removed similar amounts of Se 
and Sb as the BRs inside the shed prior to freezing. After the 
spring thaw, removal percentages of Se and Sb in the out-
door BRs were slightly lower than those achieved in BR1s. 
However, after thawing and during the subsequent summer 
and fall, Se and Sb removal was similar in both indoor and 
outdoor bioreactors.

Microbial population composition analysis indicated that 
the taxonomic groups aligned with the expected biologi-
cal metal(loid)s removal mechanisms were present. These 
included bacteria involved in iron reduction, sulfate reduc-
tion, and decomposition of organic material. Based on the 
presence of Desulfobulbus genera and previous studies, the 
most likely postulated mechanism for Se and Sb removal 
was mediation by SRB, either directly through dissimila-
tory reduction or indirectly through sulfide precipitation. 
The freeze–thaw events over winter and spring did not 
disrupt the microbial population composition with similar 
dominant bacteria being present before and after. Using 
inoculum sourced directly on site might explain these inter-
esting and positive observations: The bacterial consortium 
growing inside the BRs contains bacteria naturally present 
in the (sub)arctic region and, thus, adapted to freezing events 
occurring during winter. One pitfall of using anaerobic BRs 
for MIW treatment is the release of Fe in BRs’ effluents. Fe, 
like other chemical elements, is a regulated parameter in the 
mining industry, and its release in the environment follow-
ing water treatment needs to be considered when designing 
future semi-passive water treatment systems. Further studies 
focusing on several freeze–thaw cycles, various inoculums, 
and different contaminants would allow us to extend and 
validate the promising results obtained in this study.
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